Introduction 41 42
Sediment is generally considered as an important compartment to be investigated for 43 evaluating the ecological integrity of an aquatic ecosystem. It provides a habitat for a large 44 diversity of communities, but also serves as a reservoir for many pollutants. Sediment 45 contamination primarily occurs via hydrodynamic processes during witch many pollutants 46 present in water are readily adsorbed on colloids that can aggregate with each other and settle 47 to the bottom of aquatic systems (Buffle et al., 1998; Vignati et al., 2005) . Once in sediment, 48 the evaluation of pollutants mobility and bioavailability remains difficult because of the 49 complex interactions between their own intrinsic properties, the geochemical/climatic factors 50 and the biodiversity on-place (Munkittrick and McCarty, 1995; Chapman et al., 2003) . In 51 particular, the lability and the bioavailability of trace metals in sediments are function of the 52 targeted metal, its colloidal, dissolved and particulate partition, its speciation, sediment 53 physico-chemical characteristics (i.e., porosity, grain size, organic matter content), redox and 54 pH conditions, and the physiological and ecological characteristics of the exposed organisms. 55
Traditionally, the assessment of metal availability in sediments using a geochemical approach 56 includes measurements of metals in dissolved and particulate phases and chemical extractions 57 of available fractions (Tessier et al., 1979; Buykx et al., 2000) . However, the total metal 58 concentration in sediments is generally not a good proxy to predict bioaccumulation or 59 biological effects (Di Toro et al., 1992) . It was demonstrated in several case studies that pore 60 waters metal concentration was a better tool to assess metal bioavailability in sediment (Di 61 Toro et al., 1992; Ankley et al., 1993a; Berry et al., 1996) ; nonetheless, pore waters metal 62 concentration did not reflect the supply of metals from the particulate phase when particles 63 are ingested by organisms, such as chironomids larvaes (Bervoets et al., 1997; Warren et al., 64 1998) . Another parameter which strongly controls metal mobility in sediments is the acid-65 volatile sulphides (AVS). Acid-volatile sulphides are known to bind trace metals (i.e., Cd, Cu, 66 Ni, Pb and Zn) in marine or freshwater sediments, resulting in insoluble sulphides complexes 67 which reduce metal mobility and toxicity (Di Toro et al. The sediment used in this study (PG) ). The content was 127 mixed on a rotating wheel for 6 hours. After particles settling (48 hours), the supernatant 128 water was removed using a vacuum pump and the sediment was homogenized with a plastic 129 spoon prior to its introduction in test beakers. The same procedure was used for the Control 130 sediment, but with Cd-free FOS water. 131 132
Experimental protocol 133 134
Subsamples of 100 ml of homogenized spiked sediment were distributed in 500 ml 135 polypropylene beakers. An amount of 400 ml of FOS water was slowly added over the 136 sediment minimising the suspension of the sediment. All beakers were placed in temperature 137 regulated water baths at 21 ± 0.5 C, except for G. fossarum (12 ± 1°C), and with a 16:8 h 138 artificial light:dark photoperiod. In order to equilibrate, systems were maintained during 10 139 days before introduction of DGT and organisms. Each beaker was continuously supplied with 140 FOS water using a flow through system to obtain 4 renewals of overlaying waters per day. 141
DGT preparation 143 144
The DGT probe consists in a plastic piston loaded with a diffusive gel layer backed by an ion-145 exchange resin gel (Chelex 100) and a plastic cap with a 2 cm diameter window. A protective 146 0.45 µm cellulose nitrate filter (0.13 mm thickness, Millipore) separates the diffusive gel from 147 the solution. Diffuse gels (0.8 mm thickness) and resin gels were purchased from DGT 148
Research Ltd (Lancaster, UK). In order to prevent introduction of oxygen during the 149 deployment within the sediment, DGT probes were deoxygenated by immersion in a 150 suspension of 5 g L -1
of Chelex-100 resin (Sigma) in 0.01 M NaCl, bubbled with nitrogen 151 during 24 hours. Before their deployment into the sediment, the probes were transferred in a 152 glove box under nitrogen atmosphere, put in clean plastic jars which were immediately 153 sealed. The probes were exposed to air and oxygenated water only for a few seconds before 154 the insertion into the sediment. The original publication is available at http://www.sciencedirect.com. doi : 10.1016/j.scitotenv.2012.02.069
collected from natural populations in the Bourbre River and the Rhône River (France), 178 respectively. The 3 test organisms were exposed to the Control sediment and to the 4 179 concentrations of Cd-spiked sediments in separate beakers from DGT exposure. 180
Cadmium bioaccumulation was measured on 3 replicate organisms pools (from 3 independent 181 beakers) at the beginning and after 7 days (C. riparius, G. fossarum) or 10 days (P. Experimental R data, obtained from the ratio between C DGT and the initial pore waters 268 concentrations (Equation 3), were fitted from inverse 2D-DIFS modelling, which allowed to 269 estimate the range of the partition coefficient of the particulate labile Cd pool (K dl ) and the 270 response time of the sorption processes (T c ) for the 3 highest Cd-spiked sediments (Table 2) . 271
The response times of sorption processes were relatively high (34 s < Tc < 12500 s) and the Nonetheless the plot of experimental R ratio calculated for PG19.5 using initial and final pore 328 waters concentrations showed very similar distributions (Figure 4) . Moreover, the R ratio 329 distribution for PG19.5 fitted very well with those of PG3.1 and PG7.8, calculated using 330 means of initial and final pore waters concentrations. The distribution of the R ratio showed a 331 fast decrease during the first 8 hours of DGT deployment, reaching a very small R ratio 332 (< 0.16). Then, the R ratio slowly decreased and stabilized below 0.04 after 144 hours of DGT 333 deployment. Apparently, whatever the level of Cd-spiking, Cd in pore waters was rapidly 334 bound by the DGT in the first hours of deployment, followed by a very low resupply from the 335 particulate phase. Ernstberger et al. ), but with 339 variable pH, granulometry and organic carbon content. The R ratios were higher than our 340 results, ranging between ~0.8 and ~0.4 at the start of the experiment, and between ~0.6 and 341 ~0.2 after 144 hours. The highest R ratios were obtained for the clayey soils with neutral pH 342 and organic matter content from 2.6 to 5.8%. We obtained significantly lower R ratio, in spite 343 of high clay (<63 µm = 70%) and high organic carbon content (LOI = 13%). This suggests 344 that in our case, spiked Cd was probably bound to unreactive particulate phases. 345
The 2D-DIFS model was used to model the R ratio distribution in order to determine K dl and 346 T c parameters. An accurate determination of these two parameters was difficult due to a large 347 number of possible combinations (K dl , T c ) which can fit the experimental data (Lehto et al.,  348 2008). Thus, several response times (T c ) and partition coefficient (K dl ) were proposed 349 (Table 2) showed that soils with poor resupply from the particulate phase were sandy and characterised 356 by low pH and low organic matter content. Our tested sediments were fine with relatively 357 high organic matter content (Table 1) , but K dl and T c inferred from the R ratio distributions 358 denoted a poor resupply from the particulate phase. 359
In our study, only total Cd concentration was modified; whatever the level of Cd-spiking, 360
particulate Cd was strongly bound to the particles in response to the equilibrium modification 361 induced by DGT insertion. Acid volatile sulphides are known to strongly bind Cd, reducing 362 its mobility and its toxicity; but AVS concentrations were low in all Cd-spiked sediments 363 particulate Cd, dissolved Cd in pore waters and in overlaying waters were more pronounced 386 for C. riparius as compared to G. fossarum and P. antipodarum (Figure 3a, b, c) , suggesting 387 that C. riparius was exposed to a pool of Cd which, in contrast, was not available for the 2 388 others species. By means of in situ experiments, Warren et al. (1998) showed that prediction 389 of Cd concentrations in most benthic animals would be more accurate if they were based on 390 water column rather than on sedimentary Cd concentrations, except for sediment-feeding 391 species such as Chironomids and Tubificidae, which also get Cd from sediments. Indeed, C. DGT. Since sequential extractions showed that Cd-spiked was mainly bound to the carbonate 403 phase, we believe that chironomids are able to assimilate part of the Cd bound to carbonates. 404
To our knowledge, this is the first time that a relationship is established between Cd 405 bioaccumulation in chironomids and a specific Cd particulate fraction. In a similar way, 406 Baumann and Fisher (2011) showed that bioaccumulated Cd in Nereis Succinea was related 407 to exchangeable Cd and to Cd bound to the carbonate phase. 408
Cadmium bioaccumulated in G. fossarum in the Control sediment (Table 3: Clearly, all these data strongly support the conclusion that during our experiment, G. 426 fossarum exposed to Cd-spiked sediment were mainly influenced by Cd present in overlying 427
waters. 428
The slope of Cd bioaccumulation in P. antipodarum as a function of particulate Cd 429 concentrations was higher than the slope of Cd bioaccumulation in G. fossarum (Figure 3d ). It 430 looks like P. antipodarum were affected by a pool of Cd that was not seen by G. fossarum. 431
Since P. antipodarum live at the sediment-water interface and within the first millimeters of 432 the sediment (Michaut, 1968) showed that C. riparius were exposed to a larger pool of Cd because they ingest particles. 468
Since Cd was mainly bound to the carbonate fraction, C. riparius were in fact able to desorb 469
Cd from carbonates. In contrast, Cd accumulation rates in P. antipodarum and DGT showed 470 the same slope, suggesting that P. antipodarum were exposed to pore waters only and that the 471 Author-produced version of the article published in Science of the Total Environment (2012) vol. 424, p. 308-315 The original publication is available at http://www.sciencedirect.com. doi : 10.1016/j.scitotenv.2012.02.069
